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Harmful algal blooms can adversely affect fish communities, though their impacts are 13 
highly context-dependent and typically differ between fish species. Various approaches, 14 
comprising univariate and multivariate analyses and multimetric Fish Community Indices 15 
(FCI), were employed to characterise the perceived impacts of a Karlodinium veneficum 16 
bloom on the fish communities and ecological condition of the Swan Canning Estuary, 17 
Western Australia. The combined evidence suggests that a large proportion of the more 18 
mobile fish species in the offshore waters of the bloom-affected area relocated to other 19 
regions during the bloom. This was indicated by marked declines in mean species richness, 20 
catch rates and FCI scores in the bloom region but concomitant increases in these 21 
characteristics in more distal regions, and by pronounced and atypical shifts in the pattern 22 
of inter-regional similarities in fish community composition during the bloom. The lack of 23 
any significant changes among the nearshore fish communities revealed that bloom 24 
                                                 
1 Present address: Swan River Trust, 17 Dick Perry Avenue, Kensington 6151, Western Australia, Australia. 
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impacts were less severe there than in deeper, offshore waters. Nearshore habitats, which 25 
generally are in better ecological condition than adjacent offshore waters in this system, 26 
may provide refuges for fish during algal blooms and other perturbations, mirroring similar 27 
observations of fish avoidance responses to such stressors in estuaries worldwide. 28 
 29 




Harmful algal blooms (HABs) occur when algal cells proliferate to concentrations 34 
sufficient to cause harm to other species, as a result either of their production of 35 
endogenous toxins or their physical shape and/or accumulated biomass (Anderson et al., 36 
2002). Such blooms occur globally and in a range of aquatic environments, including 37 
freshwater lakes and rivers (Harper, 1992; Smith, 2003), coastal and oceanic marine waters 38 
(Anderson et al., 2008a; Fu et al., 2012) and estuaries (Burkholder & Glasgow, 2001; 39 
Glibert et al., 2001). The occurrence of HABs can have a wide range of deleterious 40 
impacts on the biotic communities of aquatic ecosystems, including their fish faunas. 41 
Acute adverse effects of HABs may occur due to the accompanying development of 42 
hypoxic conditions (dissolved oxygen [DO] < 2 mgL-1), release of ichthyotoxins or direct 43 
physical impairment such as gill damage and clogging (Burkholder et al., 1992; Deeds et 44 
al., 2002; Landsberg, 2002; Glibert et al., 2005; Anderson et al., 2012). These effects may 45 
induce localised fish kills (Portnoy, 1991; Glasgow & Burkholder, 2000) or, particularly 46 
for more mobile species, emigration to more hospitable areas (Potter et al., 1983; Eby et 47 
al., 2005; Lamberth et al., 2010). Associated reductions in the quality and/or quantity of 48 
available prey (e.g. benthic invertebrates) or structural habitat (such as via shading of 49 
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seagrass beds by overlying blooms) may also cause declines in the occurrence of particular 50 
fish species by impeding their ability to feed, shelter from predators and/or reproduce 51 
(Szedlmayer & Able, 1996; Levin & Hay, 2003). Given that such responses typically vary 52 
among fish species, interpretations of the effects of HABs on fish communities and 53 
estuarine ecology, and particularly those beyond the short term, are often complex. 54 
 The microtidal (maximum tidal range c. 1 m) Swan Canning Estuary, located on 55 
the south-west coast of Western Australia (WA; Fig. 1), exemplifies the impacts of HABs 56 
on estuarine ecology. This estuary and its large (121,000 km2) catchment have undergone 57 
substantial anthropogenic change since European settlement during the early- to mid-58 
1800s and consequently the system is now classified as highly modified (Commonwealth 59 
of Australia, 2002). Extensive catchment clearing, shoreline modification and the growth 60 
of surrounding urban and agricultural activity have contributed to increases in land-derived 61 
surface runoff and thus also sediment, nutrient and pollutant loads in the estuary (Gerritse 62 
et al., 1998; Jakowyna et al., 2000; Rate et al., 2000). This is further exacerbated by 63 
stormwater inputs and the extensive network of wastewater drains that discharge into the 64 
estuary. 65 
One of the more obvious ecological responses of the Swan Canning Estuary to the 66 
numerous anthropogenic changes it has experienced has been an increase in the frequency 67 
and density of large phytoplankton blooms, particularly in its middle and upper reaches 68 
(Twomey & John, 2001; Chan et al., 2002). The nutrient-enriched waters and sediments of 69 
that part of the estuary (SRT, 2009), in combination with pronounced vertical stratification 70 
of salinity and DO and reduced flushing linked to declining annual rainfall and river flows 71 
(Cottingham et al., 2014), encourage the formation of algal blooms. These blooms are 72 
particularly prevalent during the Austral summer and autumn when temperatures are 73 
elevated, river flows are low, water clarity is high, and nutrient concentrations are 74 
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increased by influxes from cyclonic storm events and enhanced sedimentary release under 75 
hypoxic conditions (Thompson, 1998; Horner Rosser & Thompson, 2001; Twomey & 76 
John, 2001). 77 
 Blooms of dinoflagellates, which may produce toxins that are potentially harmful 78 
to mammals and/or fish (Deeds et al., 2002; Landsberg, 2002; Place et al., 2012), have 79 
occurred more frequently and with particularly high cell densities in the middle to upper 80 
Swan Canning Estuary over the last decade or so (Thompson & Hosja, 1996; Twomey & 81 
John, 2001; Chan et al., 2002). For example, the ichthyotoxic dinoflagellate Karlodinium 82 
veneficum formed large blooms in this system during the late autumn/early winter of 2003, 83 
exceeding c. 100,000 and 140,000 cells mL−1 in the Swan and Canning rivers, respectively 84 
(Kidd & Srdarev, 2003). An estimated 300,000 fish were killed as a consequence of this 85 
bloom event. Fish kills have also been associated with several other phytoplankton blooms 86 
documented previously in the Swan Canning Estuary during summer or autumn, e.g. those 87 
in 1983, 1992, 1994, 2000 and 2005 (Hosja & Deeley, 1994; Place et al., 2012). 88 
Despite widespread concern from the general public, recreational fishers and 89 
natural resource managers about the implications of HABs for the fish fauna of the Swan 90 
Canning Estuary, there are no previous published studies demonstrating their impacts on 91 
fish in this system. This study thus sought to employ (i) univariate analyses of fish species 92 
richness and abundance, (ii) multivariate analyses of fish community composition and (iii) 93 
ecological condition assessments using fish-based multimetric indices developed recently 94 
for the Swan Canning Estuary (Hallett et al., 2012a, 2012b), to characterise the impacts of 95 
a large K. veneficum bloom on the fish communities and ecological integrity of this 96 
system. This bloom event, which occurred in the middle-upstream region of the tidal Swan 97 
River (Fig. 1) during March 2004, coincided with an existing fish sampling program being 98 
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undertaken in the estuary and thus provided a valuable opportunity to examine the impact 99 
of such HABs on the fish communities and ecological health of this system. 100 
 101 
Materials and methods 102 
 103 
Characterising the Karlodinium veneficum bloom 104 
 105 
Phytoplankton data from the WA Department of Water (DoW) WIN database (DoW, 106 
unpublished data) were plotted to examine patterns in the abundance of K. veneficum cells 107 
in the lower (LS), middle-downstream (MD), and middle-upstream (MU) Swan River 108 
regions of the estuary (Fig. 1; note that no such data were available for the upper Swan 109 
River [US] region). These phytoplankton data (K. veneficum cell densities; cells mL−1) 110 
were collected c. weekly between January and May 2004 at six routine monitoring stations 111 
along the Swan River (Fig. 1), and also during additional sampling of selected sites, as per 112 
standard departmental protocols in the event of a HAB. According to these protocols, 113 
depth-integrated phytoplankton samples were collected with 50 mm diameter hose-pipe 114 
and immediately preserved with Lugol’s iodine solution, prior to enumeration and 115 
identification via light-microscopy (Cosgrove et al., 2015). 116 
 117 
Sampling fish communities 118 
 119 
Fish were sampled at various shallow nearshore (depth < 2 m) and deeper offshore (depth 120 
> 2 m) sites throughout the LS, MD, MU and US regions of the estuary (Fig. 1). Samples 121 
were collected during (i) January 2004 (‘summer’), c. six weeks prior to the bloom, (ii) the 122 
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peak of the bloom in March 2004 (‘bloom’) and (iii) April 2004 (‘autumn’), c. four weeks 123 
after the peak of the bloom. 124 
Fish sampling during the current study employed methods that have been applied 125 
extensively since the 1970s to characterise the fish fauna of the nearshore and offshore 126 
waters of this system (Loneragan et al., 1989; Loneragan & Potter, 1990; Hoeksema & 127 
Potter, 2006; Hallett & Hall, 2012). Sampling of fish in nearshore waters was carried out 128 
during daylight hours using a seine net that was 41.5 m long, 2 m deep and had two 20 m 129 
long wings made of 25 mm mesh and a 1.5 m wide central bunt made of 9 mm mesh. This 130 
net, which swept an area of c. 274 m2, was laid by boat in a semi-circle from the bank and 131 
then hauled on to the beach. Seven nearshore sites were sampled, three of which were 132 
located in each of the LS and MD regions, with one site in the MU region (Fig. 1). The 133 
total number of individuals of each species caught in each sample was recorded and 134 
expressed as a density, i.e. number 250 m-2, for reporting purposes. 135 
Fish in the offshore waters were collected at three sites in each of the LS, MD, MU 136 
and US regions using composite sunken gill nets. Each of these nets comprised six 20 m 137 
long × 2 m high panels of varying stretched mesh size (i.e. 38, 51, 63, 76, 89 and 102 mm) 138 
and was laid parallel to the shoreline at dusk and retrieved after three hours. The total 139 
number of individuals of each species caught in all mesh sizes in each sample was 140 
recorded and expressed as a catch rate, i.e. number of fish h−1. 141 
All fish collected were immediately euthanised in an ice slurry and then taken to 142 
the laboratory where the total number of individuals of each species in each sample was 143 
recorded. Each species was also allocated to a functional ecological guild under each of 144 
three categories (i.e. ‘Habitat’, ‘Estuarine use’ and ‘Feeding mode’), as detailed by Hallett 145 




Water quality parameters 148 
 149 
Salinity, temperature (°C) and DO (mgL-1) were measured at each site on each sampling 150 
occasion using a YSI 556 water quality meter (Yellow Springs, Ohio). Measurements were 151 
made at the water surface at nearshore sites and at both the surface and bottom at offshore 152 
sites. These data were supplemented, where available, with complementary measurements 153 
of Secchi depth and chlorophyll a recorded by the WA DoW (DoW, unpublished data), 154 
and used to aid interpretation of any potential fish community responses to the algal 155 
bloom. 156 
 157 
Catch rates, densities and numbers of species 158 
 159 
Fish samples collected in the nearshore and offshore waters were treated separately for all 160 
of the following data analyses in this and subsequent subsections. 161 
Two-way Analysis of Variance (ANOVA) was used to determine whether the 162 
number of species and overall density/catch rate of fish differed significantly among 163 
sampling periods (hereafter ‘period’, i.e. summer, bloom, autumn) and regions of the 164 
estuary (excluding the US and MU regions for the nearshore data set, as they lacked a 165 
sufficient number of replicate sites). Both factors were considered fixed and crossed with 166 
each other. Prior to undertaking these tests, the data for each variable were examined to 167 
ascertain the type of transformation required (if any) to satisfy the test assumptions of 168 
constant variance and normality. This was achieved by determining the extent of the slope 169 
between the log(mean) and log10(standard deviation) of groups of replicate samples then 170 
employing the following decision rule: slope 0-0.25 = no transformation required; 0.25-0.5 171 
= √; 0.5-0.75 = √√; 0.75-1 = log (Clarke & Warwick, 2001). Number of species required 172 
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no transformation for both the nearshore and offshore waters, whilst both density and catch 173 
rate were log-transformed. 174 
When ANOVA detected a significant difference (significance level, p, ≤0.05) 175 
between periods and/or regions and there was no significant interaction, Scheffé’s a 176 
posteriori test was used to ascertain the nature of those differences. Alternatively, when 177 
the region x period interaction was significant, inter-period and inter-regional differences 178 
were examined using plots of the marginal means and their 95% confidence intervals 179 
(95%CI, which had been back-transformed where necessary).  180 
 181 
Fish community composition 182 
 183 
The following analyses were performed using the PRIMER v6 multivariate statistics 184 
package (Clarke & Gorley, 2006) with the PERMANOVA+ add-on module (Anderson et 185 
al., 2008b), with two exceptions. Two novel multivariate analyses, i.e. a modified non-186 
metric multidimensional scaling method and ‘shade plots’, were performed using an alpha 187 
test version of PRIMER v7. Detailed descriptions of these novel procedures are provided 188 
below. 189 
 190 
Statistical testing of differences 191 
 192 
The replicate fish species counts were initially dispersion weighted (Clarke et al., 2006a) 193 
to downweight the contributions of those species with large and erratic differences in 194 
abundance within groups of replicate samples. These data were then square-root 195 
transformed to ‘balance’ the contributions of highly abundant and less abundant species, 196 
an effective combination of data pre-treatment for fish abundance data of this type (Clarke 197 
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et al., 2013). The pretreated data were then used to construct a Bray-Curtis similarity 198 
matrix containing all pairs of replicate samples. 199 
The above matrix was initially subjected to a two-way Permutational Multivariate 200 
Analysis of Variance (PERMANOVA) test (Anderson, 2001) to ascertain whether the fish 201 
assemblage composition differed significantly among periods and/or regions. Both factors 202 
were considered fixed and crossed with each other, and the relative importance of each 203 
significant term (p ≤0.05) was assessed by the magnitude of its components of variation 204 
(COV). Given the significant period × region interaction detected by this test (see Results), 205 
inter-period differences were then further explored separately for each region (and vice 206 
versa) by subjecting relevant subsets of the above Bray-Curtis matrix to one-way Analysis 207 
of Similarities tests (ANOSIM; Clarke & Green, 1988). The extent of any significant 208 
differences (again p ≤0.05) was determined by the magnitude of the test-statistic R, i.e. 209 
values close to 0 indicate little difference among groups, while those close to +1 indicate 210 
large group differences (Clarke & Green, 1988). Note that the p-values for pairwise 211 
comparisons in these tests were not interpreted, given the insufficient number of possible 212 
permutations to ensure a reliable significance test.  213 
 214 
A modified non-metric multidimensional scaling method 215 
 216 
To summarise and illustrate any spatio-temporal differences in ichthyofaunal composition, 217 
a Bray-Curtis similarity matrix was next constructed from the pretreated fish species 218 
abundances averaged for each period×region combination. This matrix was initially 219 
subjected to non-metric multidimensional scaling (nMDS) ordination (Kruskal, 1964) but, 220 
due to the influence of an extreme outlier, resulted in a ‘collapsed’ plot that effectively 221 
comprised only two opposing points, one being the outlier sample and the other containing 222 
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all remaining samples. This common outcome results from the purely non-metric nature of 223 
this approach; it is a function only of the ranks of the inter-point resemblances and thus the 224 
positioning of an extreme outlier is not well-defined. Any position for the outlying point 225 
which places it further from the set of remaining points than the largest dissimilarity within 226 
that set is equally satisfactory, because it obeys all the rank conditions placed on the outlier 227 
in just the same way. The iterative process inherent in finding an nMDS solution is then 228 
increasingly able to reduce the stress value of the ordination by placing the outlier at ever 229 
larger distances from the set of remaining points, and the iteration converges on a two-230 
point, zero stress solution. Standard practice is to remove the outlier and repeat the nMDS 231 
for the remaining set (Clarke & Gorley, 2006). Whilst this is understandable from the 232 
viewpoint of satisfying purely rank-order relationships, it can be unhelpful in visualising 233 
the macro-pattern across all samples, and particularly in discerning the ‘direction’ in which 234 
an outlier is positioned in relation to the remaining samples.  235 
The solution lies in utilising a small amount of information from metric MDS 236 
(mMDS; Cox & Cox, 2001), which is sufficient to constrain the position of any outliers in 237 
relation to the main group(s) of points, since there is now a quantitative measurement scale 238 
of dissimilarities that can be exploited. The metric analogue to nMDS has not been widely 239 
used because, on its own, mMDS is too inflexible and often unsuccessful. The Shepard 240 
(1962) diagram of inter-point distances from a mMDS ordination, plotted against the 241 
corresponding dissimilarities from the resemblance matrix, needs to be fitted by a straight 242 
line. Yet, such relationships are rarely linear, leading to high stress or departure from the 243 
fitted line. Thus, for example, mMDS seeks to place two samples with a dissimilarity of 244 
60% at precisely twice the distance of two samples with a dissimilarity of 30%, and 245 
difficulties are inevitable with a dissimilarity scale which has an upper limit of 100% (or 246 
1), as for all the widely-used ‘biological’ resemblance coefficients (Clarke et al., 2006c).  247 
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Successful low-dimensional ordinations are achieved by nMDS because the 248 
Kruskal (1964) algorithm permits a general monotonic-increasing relationship to be fitted 249 
between ordination distance and dissimilarity. This non-parametric regression must 250 
therefore remain at the core of a modified nMDS procedure. The stress function of such a 251 
procedure is mixed in proportions of about 0.95 nMDS to 0.05 mMDS, and the combined 252 
stress minimised using precisely the same iterative steps as outlined previously. The small 253 
degree of constraint supplied by the metric stress function is enough to locate an outlier on 254 
the plot mensuratively, thus preventing the plot from collapsing in the presence of one or 255 
more outliers yet retaining the (non-metric) flexibility of the arrangement of points for the 256 
remaining samples. Thus, in the current study, the modified nMDS approach, which was 257 
carried out using an alpha test version of PRIMER v7, placed the outlier at a distance from 258 
its most similar sample that was only marginally greater than the maximum distance 259 
among the remaining samples (as demonstrated by nearly identical respective 260 
dissimilarities of 77.4 and 77.3; unpublished data). Had these two values been the other 261 
way around, the standard nMDS plot would not have collapsed at all, demonstrating the 262 
importance of this innovation in avoiding an unbalanced picture of the inter-sample 263 
relationships. Furthermore, the evidence to date suggests that this procedure is not 264 
sensitive to the precise balance of the two stress functions, with identical plots and stress 265 
values resulting in this case from mixing non-metric to metric proportions of 0.95, 0.05 266 
and 0.75, 0.25. 267 
 268 
Further multivariate analyses of community composition 269 
 270 
Second-stage nMDS ordination (Clarke et al., 2006b) was then used to explore whether the 271 
pattern of inter-regional similarity in fish community composition during the bloom 272 
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differed markedly from that in all other sampling periods. Data collected during winter and 273 
spring 2004 were also included in these analyses to better determine any perturbing effects 274 
of the bloom within the context of a ‘typical’ seasonal cycle. These analyses were achieved 275 
by subjecting the Bray-Curtis similarity matrix constructed from the period×region 276 
averages to the 2STAGE procedure, using region as the ‘inner’ factor and period as the 277 
‘outer’ factor (Clarke et al., 2006b; Clarke & Gorley, 2006).  Spearman’s rank correlation 278 
coefficient (ρ) was used to calculate the correlations between all pairs of sub-matrices, and 279 
the subsequent values were then subjected to nMDS ordination to illustrate any differences 280 
in inter-regional relationships during the bloom period. 281 
The fish species that were most responsible for any such differences between the 282 
bloom and the preceding summer and subsequent autumn periods were identified using a 283 
‘shade plot’ analysis (Clarke et al., 2013), which was again carried out using an alpha test 284 
version of PRIMER v7. The output of this routine is a visual display of the pretreated and 285 
averaged fish species abundances in each period×region combination. The y-axis 286 
represents the most prevalent fish species (i.e. those accounting for > 10% of the 287 
abundances in any period×region group), the x-axis comprises the samples ordered 288 
sequentially by period then region, and the corresponding cells contain greyscale shading 289 
that increases with fish abundance (ranging from white = absent to black = maximum 290 
abundance). Additionally, the fish species on the y-axis are presented as they appear in 291 
hierarchical agglomerative clustering (using group-average linkage) applied to a 292 
resemblance matrix defined between species as Whittaker’s index of association 293 
(Whittaker, 1952; Somerfield & Clarke, 2013).  294 
 295 




The well-documented response of biological communities to environmental stress has 298 
spawned a multitude of approaches for quantifying the degree to which the structural and 299 
functional integrity of these communities deviates from a pristine or ‘best attainable’ state, 300 
thus providing a measure of the ecological ‘health’, ‘condition’ or ‘status’ of aquatic 301 
ecosystems (Karr, 1981; Gibson et al., 2000). For example, multimetric indices based on 302 
fish communities are employed globally to assess the ecological health or integrity of 303 
aquatic ecosystems, including estuaries (Whitfield & Elliott, 2002; Borja et al., 2012; 304 
Pérez-Domínguez et al., 2012). These tools integrate information on various biological 305 
variables (‘metrics’), each of which quantifies an aspect of the structure and/or function of 306 
biotic communities and responds to a range of stressors that may affect the ecosystem. 307 
Commonly employed metrics include the number or diversity of fish species, the number 308 
of species or proportion of fish belonging to specific feeding groups (e.g. trophic 309 
specialists versus omnivorous or opportunistic feeders) or to specific habitat or life history 310 
guilds (Pérez-Domínguez et al. 2012). As the integrity of ecosystem structures, functions 311 
and processes is impacted by an algal bloom or other putative stressor, the effects of these 312 
impacts are reflected in the biotic community metrics and index scores, which thus can be 313 
used to quantify changes in the broader ecological condition of the ecosystem.  314 
One such multimetric index, the ‘Fish Community Index’ (FCI) has been recently 315 
developed for assessing the ecological condition of nearshore and offshore waters of the 316 
Swan Canning Estuary. The development and detailed methodology of the FCI, including 317 
the mechanism by which estuarine condition is scored and graded, has been described 318 
extensively elsewhere (Hallett et al., 2012a, 2012b; Hallett & Hall, 2012; Hallett, 2014). A 319 
brief summary of the steps undertaken to calculate the FCI is provided below. 320 
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1) The species abundances in each sample were used to calculate values for each of the 321 
fish metrics comprising the nearshore and offshore FCIs (Hallett et al., 2012a; Hallett & 322 
Hall, 2012).  323 
2) Metric values were converted to metric scores (0-10) by comparing them with their 324 
appropriate ‘best available’ reference conditions, tailored to each region and season 325 
(Hallett & Hall, 2012; Hallett et al., 2012b). 326 
3) Metric scores were combined into an index score (0-100) for each sample (Hallett et al., 327 
2012b). 328 
4) The index score was compared to objective, statistically-derived thresholds based on the 329 
observed distributions of historical index scores (Hallett, 2014) to determine the ecological 330 
condition grade for the sample, i.e. A = very good to E = very poor. 331 
 For the current study, spatial and temporal patterns in index scores and condition 332 
grades during the bloom, summer and autumn periods were assessed visually to examine 333 




Water quality parameters 338 
 339 
Due to the very low rainfall in early autumn of 2004, the water column in the upper 340 
reaches of the Swan River was relatively unstratified throughout the study period, as 341 
shown by generally negligible differences between the values for temperature and salinity 342 
that were measured from the surface and bottom of the water column (supplementary 343 
material). The water column was also generally well oxygenated (> 3 mgL-1) at all depths 344 
throughout March and April (supplementary material; DoW, unpublished data). Maximal 345 
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water temperatures of 27‒30°C were recorded in summer, declining to 21‒23°C by 346 
autumn, and temperatures in any particular season were fairly uniform across the four 347 
studied regions of the estuary (supplementary material). Salinities increased downstream in 348 
any given season, and increased from summer to autumn (supplementary material) due to 349 
the lack of any notable rainfall during the study period.  350 
 351 
Characterising the Karlodinium veneficum bloom 352 
 353 
The abundance of K. veneficum in the MD and MU regions initially increased from almost 354 
zero to > 10,000 cells mL−1 in mid- to late-February 2004, with a subsequent bloom (> 355 
25,000 cells mL−1) becoming established throughout March, centred on the MU region 356 
(Fig. 2). Peak K. veneficum densities were recorded on March 8th at Success Hill (MU; c. 357 
56,000 cells mL−1), Kingsley Street (MU; c. 34,000 cells mL−1) and Ron Courtney Island 358 
(MD; c. 28,000 cells mL−1), with a clear decreasing pattern downstream from the 359 
uppermost site of Success Hill. During the study period, K. veneficum densities did not 360 
exceed 10,000 cells mL−1 at any site in the LS region and those at the lowermost site, 361 
Maylands, remained near zero. Cell densities in the MU and MD regions declined rapidly 362 
in early April, although those at Success Hill remained elevated until April 19th. 363 
 364 
Catch rates, densities and numbers of species of fish 365 
 366 
The mean number of nearshore fish species or densities did not differ significantly among 367 
either periods or regions. In contrast, the mean number of offshore species differed 368 
significantly between periods (F2,24 = 5.23, p = 0.013) and regions (F3,24 = 3.59, p = 369 
0.028), with the influence of the former factor being greater, i.e. mean squares (MS) of 9.0 370 
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and 6.2, respectively. Scheffé’s a posteriori test demonstrated that the number of species 371 
in the offshore waters was significantly higher during summer than during either the bloom 372 
or autumn periods, and that significantly higher values were recorded in the LS region than 373 
in the MU region (Fig. 3). The mean number of species in offshore waters declined 374 
between the summer and bloom periods in all regions except the LS, and this decrease was 375 
particularly pronounced in the MU (i.e. from 4 to 0.3 species; Fig. 3). 376 
Mean catch rates in the offshore waters also differed significantly between periods 377 
and regions (F2,24 = 5.71, p < 0.001 and F3,24 = 2.72, p = 0.003, respectively), and the 378 
interaction between these factors was also significant (F6,24 = 3.35, p < 0.001). However, 379 
period again exerted the largest influence (Fig. 4). Mean catch rates declined by 99.7% 380 
between summer and the height of the bloom in the MU region, and by 85% and 50%, 381 
respectively, in the adjacent MD and US regions (Fig. 4). In contrast, mean catch rates in 382 
the more distant LS region increased roughly five-fold, from 2.7 fish h−1 in summer to 14 383 
fish h−1 during the bloom. By mid-autumn, when the bloom had begun to subside, catch 384 
rates in the MU region had increased slightly whilst those in the LS, MD and US regions 385 
decreased. 386 
 387 
Fish community composition 388 
 389 
No significant differences in the composition of the nearshore fish fauna were detected 390 
among periods or for the period×region interaction (p = 0.33‒0.68). As such, no further 391 
multivariate analyses were undertaken on this nearshore data set. 392 
In contrast, the offshore fish faunal composition differed significantly among 393 
periods and regions and the interaction between these factors was significant (p = 394 
0.001‒0.002). Each of these terms was equally important in explaining the variability in 395 
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the fish fauna, as demonstrated by their highly similar COV values (Table 1). Subsequent 396 
one-way ANOSIM tests undertaken separately for each period demonstrated that a major 397 
cause of the above interaction was the notably different pattern of inter-regional 398 
similarities during the bloom than in summer and autumn. This is reflected in Figure 5, in 399 
which the pairwise R-statistic values display an expected trend in summer and autumn of 400 
being greatest between regions that are relatively far apart (i.e. LS vs US, LS vs MU and 401 
MD vs US), whereas this was not always the case in the bloom period. For example, the R-402 
values for both the MD vs US and MD vs LS comparisons were far lower in the bloom 403 
than in either summer or autumn. It is also of interest to note that in autumn, the pairwise 404 
R-values for almost all regional comparisons were considerably lower than in summer and 405 
that, in contrast to both summer and the bloom, only small ichthyofaunal differences 406 
occurred between the MU and US regions (Fig. 5). 407 
The different pattern of inter-regional similarities during the bloom is well 408 
summarised by the second-stage nMDS plot (Fig. 6), in which the point representing the 409 
bloom period is clearly distinct, not only from those in summer and autumn, but also from 410 
those representing independent spring and winter samples. Furthermore, the modified 411 
nMDS plot (Fig. 7) specifically demonstrates the notable shift in ichthyofaunal 412 
composition in the bloom period and region (MU), with the representative point being 413 
markedly distinct from all other period×region combinations. It is also of interest to note 414 
that, in both the MD and US regions that are adjacent to the bloom region, the fish 415 
compositions in the bloom and subsequent autumn period were more similar than those in 416 
the bloom and preceding summer period (Fig. 7). 417 
 The shade plot clearly indicates that the distinctness of samples from the bloom 418 
period and region (MU) was due to the fact that they contained almost no fish (Fig. 8). 419 
This contrasts markedly with most other samples, where moderate to relatively high 420 
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numbers of various species were recorded. Figure 8 also highlights the regional shifts in 421 
abundance of several species from the summer to bloom periods, and particularly those 422 
that were caught in their highest numbers in the MU region during summer. One such 423 
species, Acanthopagrus butcheri, increased markedly during the bloom in the US region 424 
just upstream of the MU bloom area, reaching almost the maximal abundance on the 425 
shading scale. In contrast, others such as Nematalosa vlaminghi and Amniataba 426 
caudavittata were recorded in higher numbers in the LS during the bloom than in summer. 427 
While the regional patterns of these species during autumn tended to be similar to those in 428 
summer, their abundances were consistently lower than before the bloom. Further still, 429 
species such as Mugil cephalus, which were recorded in moderate to very high numbers in 430 
most regions during summer, were almost entirely absent from all regions during the 431 
bloom and were then found only in moderate numbers in the US in autumn. Several other 432 
species such as Torquigener pleurogramma, Rhabdosargus sarba and Gerres subfasciatus 433 
were recorded almost exclusively during the bloom, but only in the LS and in low to 434 
moderate numbers. 435 
 436 
Ecological condition, as quantified by the Fish Community Index 437 
 438 
Mean FCI scores for offshore sites in the LS, MD and MU regions ranged between c. 58 439 
and 65 points in summer, which equated to fair to good (C/B to B) ecological condition. 440 
However, the condition of offshore waters in the US region was poor (D; mean score = 47) 441 
during this period (Fig. 9). By the mid-point of the bloom, the condition across all offshore 442 
sites had become poor (D; mean score = 45), driven largely by declines in the MD region 443 
(D; mean score = 43) and most notably in the MU region (E; mean score = 17; Fig. 9). In 444 
contrast, the ecological condition of offshore waters in the LS and US regions increased 445 
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slightly from summer to the bloom period, by 2 and 10 points, respectively. During 446 
autumn, the offshore FCI scores in each region recovered towards their pre-bloom levels, 447 
such that most regained fair to good ecological condition (B/C to B; Fig. 9). However, 448 
although the mean FCI score for the MU region increased by 31 points from the bloom 449 
period to autumn, the condition of this bloom-affected region remained poor (mean = 47.5; 450 
D). 451 
The nearshore FCI scores responded in a far less conspicuous manner than the 452 
offshore scores over the summer, bloom and autumn periods. Mean scores in the LS and 453 
MD regions were c. 74 in summer, indicating good/very good (B/A) condition prior to the 454 
onset of the bloom (Fig. 10). Similarly, the mean score across all nearshore sites in this 455 
period was also 74. By the mid-point of the bloom, the nearshore condition of most 456 
regions had declined slightly, and far less markedly than in the offshore waters (cf. Figs. 9 457 
and 10). Thus, the nearshore waters in the LS and MD regions still remained in good 458 
condition (B) at the height of the bloom, with mean scores of 65 and 70, respectively (Fig. 459 
10). Notably, the score at the single nearshore site in the MU region increased from 72 (B) 460 
in summer to 81 (A) during the bloom, as the condition of the adjacent offshore waters 461 
plummeted. As for the offshore waters, scores in the nearshore waters of each region 462 




The timing of the K. veneficum bloom in the upper reaches of the Swan Canning Estuary in 467 
March 2004 coincided with an existing fish sampling program in this system, thus 468 
providing a rare opportunity to investigate the potential impacts of such HABs on its fish 469 
communities. Given the opportunistic nature of this investigation, two important 470 
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limitations are apparent. First, in characterising the HAB, we utilised the only available 471 
phytoplankton and water quality data, which were recorded independently by the WA 472 
DoW in their regular monitoring program. These data were collected at different spatio-473 
temporal scales and for different purposes than the fish data. The phytoplankton data were 474 
derived from depth-integrated samples, precluding any interpretation of lateral (i.e. bank to 475 
bank) or vertical patterns in the densities of K. veneficum throughout the estuary during the 476 
period of interest. Also, the sampling of water quality during daylight hours only precluded 477 
any understanding of diel cycling of DO during the bloom period. Second, the current 478 
study lacks a replicated Before-After Control-Impact (BACI) design that would have been 479 
required to demonstrate definitively that the bloom caused the observed changes in the fish 480 
fauna. 481 
In spite of these limitations, this study provides in the first instance a relatively 482 
detailed description of the spatial and temporal characteristics of the K. veneficum bloom. 483 
The available phytoplankton data effectively illustrate the longitudinal extent of the bloom 484 
throughout the upper Swan Estuary and enable quantification of changes in K. veneficum 485 
abundance from summer (i.e. pre-bloom) to autumn (post-bloom), thus providing adequate 486 
context for interpreting the spatial and temporal changes in fish communities that 487 
accompanied the HAB. Additionally, and despite an inability to demonstrate causality, the 488 
changes in the fish community observed during this study represent a pronounced 489 
departure from the annual cyclical changes that typically occur in this system, and are thus 490 
more likely a consequence of the bloom and its broader effects on the estuary as a whole. 491 
The HAB coincided with marked changes in the fish communities inhabiting the 492 
middle and upper reaches of the estuary, including pronounced spatial and temporal 493 
changes in the number of species and catch rates of fish in the offshore waters. 494 
Multivariate and multimetric analyses revealed further and more subtle responses of the 495 
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fish communities and broader ecological condition of the system, and particularly of its 496 
offshore waters, at the time of the bloom. The remainder of this discussion details evidence 497 
of the perceived impacts of the K. veneficum bloom on the fish communities, and evaluates 498 
the potential mechanisms and implications of these effects. 499 
 500 
Fish communities, fish movements and ecological condition 501 
 502 
Fish Community Index (FCI) scores at offshore sites within the bloom-affected MU region 503 
of the estuary exhibited a clear decrease from summer to the bloom period, reflecting a 504 
decline in ecological condition from fair/good (C/B; mean FCI score of 58) to poor (E; 505 
mean FCI score of 17). 506 
Given the absence of a large-scale fish kill during the bloom, these observed 507 
decreases in FCI scores, together with concomitant increases in the scores for more distal 508 
regions and corroborating evidence of changes in fish abundance, species richness and 509 
community composition, suggest that a large proportion of the fish inhabiting the MU 510 
region in summer relocated to other regions during the bloom. For example, the peak 511 
abundance of Black Bream, Acanthopagrus butcheri, shifted from the MU region in 512 
summer to the US region during the HAB, likely reflecting the emigration upstream of this 513 
large and highly mobile species away from the bloom centre. Other large and highly 514 
mobile species, including Nematalosa vlaminghi and Amniataba caudavittata, were 515 
recorded in higher numbers in the LS during the bloom than in summer, likely reflecting 516 
their emigration downstream to avoid bloom conditions. Such movements undoubtedly 517 
contributed to the marked decreases in species richness and catch rates in the MU region to 518 
effectively zero during the bloom, and to the pronounced shifts in ichthyofaunal 519 
composition over the pre- to post-bloom periods. The available evidence also suggests that 520 
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several other larger and fast swimming species moved away from the MD and US regions 521 
adjacent to the bloom centre, e.g. N. vlaminghi, A. caudavittata, Platycephalus 522 
endrachtensis and Pelates octolineatus in the MD and the former two species and Mugil 523 
cephalus in the US. This contributed to the decreases in the mean numbers of species and 524 
catch rates in these regions during the HAB and their concomitant increases, particularly in 525 
catch rates, in the LS. 526 
The compositions of fish communities in the nearshore and offshore waters of the 527 
Swan Canning Estuary generally undergo well-documented cyclical changes throughout 528 
the year. These changes reflect seasonal variations in water quality (e.g. salinity and 529 
temperature) due largely to highly seasonal rainfall and freshwater discharge into the 530 
estuary, as well as differences in the timing of the reproductive cycles and juvenile 531 
recruitment of different fish species (Loneragan et al., 1989; Loneragan and Potter, 1990; 532 
Hoeksema & Potter, 2006). Fish community composition in the bloom period and region 533 
was, however, clearly distinct from that in all other period×region combinations, and 534 
second-stage nMDS ordination further showed that the inter-regional similarities in fish 535 
composition during the bloom were highly dissimilar to any of those in the standard 536 
seasonal cycle from summer to spring. Given that, with the exception of the bloom period, 537 
environmental conditions during the remainder of the study were fairly typical for the time 538 
of year and not markedly extreme in any known respect (e.g. pronounced stratification of 539 
the water column), our findings provide strong circumstantial evidence that the bloom was 540 
responsible for the pronounced changes in fish community composition and spatial 541 
distribution observed at that time. 542 
Following the collapse of the bloom, there were various indications that some of 543 
the fish that had emigrated from the MU during the bloom subsequently returned by mid-544 
autumn (c. three to four weeks later), suggesting a degree of ecological recovery. For 545 
23 
 
example, A. butcheri once again characterised the faunas in this region yet no longer 546 
characterised those of the US where it was prevalent during the bloom, and offshore FCI 547 
scores for the MD and MU regions increased from the bloom period to autumn. 548 
Nonetheless, it was also apparent that some of the effects of the HAB still persisted in mid-549 
autumn. For example, in both the MD and US regions adjacent to the bloom’s centre, fish 550 
faunal compositions in this season were more similar to those during the bloom than in the 551 
preceding summer period. Moreover, the mean number of species, catch rates and offshore 552 
FCI scores in these regions and/or in the MU had not yet returned to pre-bloom levels. 553 
Although the available phytoplankton data precluded any understanding of lateral 554 
or vertical patterns in K. veneficum abundance, the lack of any significant period 555 
differences in fish species richness, catch rates or community composition in the nearshore 556 
waters, allied with the far less pronounced decrease in nearshore than offshore FCI scores 557 
during the bloom, indicates that the effects of the HAB were far more severe in the deeper 558 
waters of the estuary. These findings are consistent with existing evidence that the offshore 559 
waters of the Swan Canning Estuary are generally in poorer ecological condition, and are 560 
more susceptible to the effects of perturbations such as algal blooms, than the adjacent 561 
shallower habitats (Hallett, 2010; Cottingham et al., 2014). This may be attributable to 562 
several factors, but is most likely driven by the more frequent stratification and 563 
deoxygenation of those deeper waters. Moreover, the slight increase in the nearshore FCI 564 
score in the MU during the bloom, paralleled with the precipitous drop in the 565 
accompanying offshore FCI scores, supports the contention that the shallows act as refugia 566 
for fish escaping inhospitable conditions in the deeper waters. 567 
 The types of movement responses exhibited by the fish fauna in the Swan Canning 568 
Estuary during the 2004 HAB are similar to those noted by many other authors in response 569 
to algal blooms and their associated stressors, including hypoxia. For example, Potter et al. 570 
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(1983) demonstrated that larger and more active fish species emigrated from areas affected 571 
by blooms of the blue-green alga Nodularia spumigena in the Peel-Harvey Estuary, 572 
Western Australia, and Lamberth et al. (2010) documented the movement of numerous 573 
fish species into normoxic refuges in the Berg River Estuary, South Africa, following a 574 
low DO event linked to a non-toxic ‘red tide’ in the adjacent marine environment. There is 575 
a growing body of evidence that many more mobile fish species are able to detect and 576 
actively avoid hypoxia. For example, Eby & Crowder (2002, 2004) noted that several fish 577 
species avoided hypoxic zones associated with high primary productivity in the Neuse 578 
River Estuary (USA) and instead remained in shallower, more highly oxygenated waters, 579 
only returning to previously hypoxic areas once conditions improved. Similar behavioural 580 
patterns were documented for demersal fish by Pihl et al. (1991) in the lower York River, 581 
Chesapeake Bay, and by Craig (2012) in the Gulf of Mexico. 582 
The above avoidance behaviours can also lead to ‘habitat compression’ effects, 583 
which may have significant physiological and ecological implications (Wannamaker & 584 
Rice, 2000; Wu, 2002; Kidwell et al., 2009; Brady & Targett, 2013). For example, 585 
elevated fish densities in refuge areas during perturbation events may lead to detrimental 586 
consequences for benthic habitat quality and trophic interactions, sublethal physiological 587 
impacts on fish health and growth (Eby & Crowder, 2002; Craig & Crowder, 2005; Eby et 588 
al., 2005), and ultimately have broader effects on ecosystem function, productivity and 589 
fisheries (Breitburg, 2002; Baird et al., 2004; Craig, 2012). The longitudinal and, to a 590 
lesser extent, lateral movements of fish that were observed during the HAB in the current 591 
study indicate that such habitat compression also occurs in the Swan Canning Estuary, 592 
albeit on a smaller scale than some of the above examples. It is thus highly relevant that 593 
the abundance of Black Bream in the deeper offshore waters of this system has declined 594 
between the mid-1990s and late 2000s whilst that in the shallow nearshore waters has 595 
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increased, reflecting a perceived decline in the ecological condition of the former 596 
environment (Cottingham et al., 2014). The consequent density-dependent effects of this 597 
nearshore habitat compression are thought to have contributed to the notable declines in 598 
growth and body condition of this species (Cottingham et al., 2014). 599 
 600 
Potential stressors associated with the 2004 K. veneficum bloom 601 
 602 
It is often difficult to tease apart the roles of the numerous and largely confounded 603 
stressors that may accompany HAB events, and thus to determine the definitive cause of 604 
any fish avoidance responses or mortalities. Karlodinium veneficum may induce fish 605 
mortalities via both direct and indirect means, and blooms of this species have caused 606 
recorded fish kill events throughout the world (Deeds et al., 2002; Kempton et al., 2002; 607 
Hallegraeff et al., 2011), including in the Swan Canning Estuary (Hallett et al., 2012b; 608 
Place et al., 2012; Adolf et al., 2015). Indeed, approximately 300,000 fish were estimated 609 
to have died in this system during autumn and winter of 2003, following blooms of this 610 
species in the upper estuary (Kidd & Srdarev, 2003; Adolf et al., 2005). Karlodinium 611 
veneficum can be toxic to fish if algal cells lyse and release karlotoxin, a group of 612 
compounds which target the chloride cells in the gill tissues of fish and cause cellular lysis 613 
(Deeds et al., 2002; Mooney et al., 2010; Place et al., 2012). This dinoflagellate may also 614 
kill fish by clogging their gills and causing asphyxia (Deeds et al., 2002). Furthermore, K. 615 
veneficum blooms may indirectly lead to fish deaths via deoxygenation of the water 616 
column, which often occurs due to the sharp increases in biological oxygen demand 617 
associated with nocturnal respiration of the bloom and/or enhanced microbial activity 618 
during decomposition of a senescing bloom (Paerl et al., 1998; Anderson et al., 2012). This 619 
can lead to the development of hypoxic and even anoxic conditions, particularly at night 620 
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and in the bottom waters of frequently-stratified estuaries (Paerl et al., 1998; Zhang et al., 621 
2010), of which the Swan Canning is an example. Karlodinium veneficum blooms do not 622 
always result in fish kills, however, as shown by a study in Maryland, USA, where 623 
densities approached 1,000,000 cells mL−1 but did not lead to any known fish mortalities 624 
(Place et al., 2012). 625 
Some species suffered mortality during the 2004 bloom in the Swan Canning 626 
Estuary, and approximately 170 dead fish, many of them Black Bream, were collected 627 
from the MU region where K. veneficum was most dense (T. Rose and J. Latchford, Water 628 
and Rivers Commission, pers. comm.). However, the scale of the fish kill that 629 
accompanied this HAB was comparatively negligible, and particularly so when compared 630 
to that in 2003. It is therefore unlikely that the observed ichthyofaunal responses in the 631 
present study were related to a significant release of karlotoxin, but more likely that 632 
various indirect effects of the HAB interacted to reduce the habitability of the bloom-633 
affected region. 634 
Indications from the individual metrics comprising the offshore FCI showed that 635 
the declines in ecological condition from summer to the bloom period in the MU and MD 636 
regions were driven by marked decreases in species diversity and the proportion of 637 
individuals belonging to benthic species, and by increases in the proportion of detritivores. 638 
In contrast, the increases in offshore FCI scores for the LS and US regions over the same 639 
period reflected an increase in the proportion of benthic individuals (Hallett, unpublished 640 
data). These patterns in the benthic species abundance suggest a putative role of bottom-641 
water hypoxia as a stressor mechanism mediating fish community responses during the 642 
bloom. It is likely that respiration of the bloom and oxidative decomposition of settling 643 
organic matter in the MU region would have led to hypoxic bottom waters, at least 644 
nocturnally in the absence of photosynthesis (Tyler et al. 2009). While multivariate 645 
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analyses (BIOENV [Clarke & Ainsworth, 1993; Clarke et al., 2008], data not shown) did 646 
not detect a significant correlation between the spatial patterns in offshore fish 647 
communities and those in DO concentrations recorded during fish sampling (although they 648 
did with chlorophyll a concentration in the surface and bottom waters and temperature in 649 
the latter, i.e. p = 0.001; ρ = 0.871), this most likely reflects the fact that these water 650 
quality measurements were made soon after nightfall and thus before hypoxia would have 651 
become established. Similarly, the generally well-oxygenated conditions (> 3 mgL-1) 652 
recorded during the bloom period (supplementary material; DoW, unpublished data) only 653 
reflect day-time conditions and thus do not account for any bloom-induced hypoxia that 654 
may have developed throughout the night. The future characterization of diel cycling of 655 
DO concentrations via high-frequency measurements at multiple locations (Tyler et al. 656 
2009) is essential to better understand the effects of algal blooms on oxygen dynamics in 657 
this system, and thus to determine whether hypoxia is responsible for observed HAB 658 
effects on its fish communities. 659 
Although the specific causal mechanism(s) underlying the observed fish responses 660 
to this HAB remain unclear, it is evident that the bloom coincided with numerous 661 
significant changes in the ichthyofauna and the broader ecological condition of the 662 
offshore waters of the estuary. Given that rainfall and river flows in south-western 663 
Australia are predicted to continue to decline in coming decades (CSIRO, 2007), and that 664 
the prevalence of K. veneficum is thought to be linked with stratification of the water 665 
column that persists under dryer conditions (Hallegraeff et al. 2011; Cosgrove et al., 2015), 666 
the frequency and ecological impacts of these HABs are liable to intensify in this and 667 






This study has documented both conspicuous and more subtle, species-specific responses 672 
among the fish communities in the microtidal Swan Canning Estuary during a notable 673 
bloom of the dinoflagellate K. veneficum. These included (i) marked reductions in the 674 
number of species and catch rates, (ii) significant changes in community composition and 675 
the spatial distribution of more mobile fish species and (iii) declines and partial recovery 676 
of the broader ecological condition of the estuary, as measured by a Fish Community 677 
Index. Examination of these fish responses using multiple lines of evidence spanning 678 
univariate, multivariate and multimetric index approaches provides a fuller, more nuanced 679 
picture of both community-level and species-specific effects resulting from harmful algal 680 
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Table 1 Two-way crossed PERMANOVA of the offshore fish faunal compositions 940 
recorded in each region of the Swan River during the summer, bloom and autumn 941 
sampling periods. 942 
df = degrees of freedom; MS = Mean squares; COV = components of variation 943 
 944 
 
df MS Pseudo-F P COV 
Period (P) 2 6881.4 5.8356 0.001 21.799 
Region (R) 3 5613 4.7599 0.001 22.196 
P x R 6 2898.4 2.4579 0.002 23.939 
Residual 24 1179.2 
  
34.34 
     945 
 946 
Figure captions 947 
 948 
Fig. 1 Locations of offshore (open circle) and nearshore (closed circle) sites in the lower, 949 
middle-downstream, middle-upstream and upper Swan River regions of the Swan Canning 950 
Estuary, at which the fish community was sampled before (‘summer’), during (‘bloom’) 951 
and after (‘autumn’) a Karlodinium veneficum bloom that occurred in the middle-upstream 952 
region of the Swan River during March 2004. Locations of phytoplankton sampling sites 953 
are denoted by closed squares: NIL, Nile Street; STJ, St John of God Hospital; MAY, 954 
Maylands; RON, Ron Courtney Island; KIN, Kingsley Street; SUC, Success Hill 955 
Fig. 2 Cell densities (cells mL−1) of Karlodinium veneficum from depth integrated samples 956 
of the water column collected at routine monitoring sites in the lower (LS), middle-957 
40 
 
downstream (MD) and middle-upstream (MU) Swan River regions between January and 958 
May 2004. See Fig. 1 for site codes 959 
Fig. 3 Mean number of species in catches from offshore waters in each of the lower (LS), 960 
middle-downstream (MD), middle-upstream (MU) and upper (US) Swan River regions 961 
during the summer, bloom and autumn sampling periods. 95% confidence intervals 962 
accompany each mean value 963 
Fig. 4 Mean total catch rate of fish from offshore waters in each of the lower (LS), middle-964 
downstream (MD), middle-upstream (MU) and upper (US) Swan River regions during the 965 
summer, bloom and autumn sampling periods. 95% confidence intervals accompany each 966 
mean value 967 
Fig. 5 Plot of the R-statistic values derived from one-way ANOSIM tests for inter-regional 968 
differences in the offshore fish faunal composition in the summer, bloom and autumn 969 
sampling periods. LS = lower Swan River, MD = middle-downstream Swan River, MU = 970 
middle-upstream Swan River, US = upper Swan River 971 
Fig. 6 Second stage nMDS ordination plot of the inter-regional Bray-Curtis similarities in 972 
the offshore fish fauna (inner factor) in summer (S), autumn (A), winter (W) and spring 973 
(SP) and during the bloom period (outer factor) 974 
Fig. 7 Modified nMDS ordination plot derived from the Bray-Curtis similarities calculated 975 
between averaged samples of the offshore fish fauna in each region of the Swan River 976 
during the summer (S), bloom and autumn (A) sampling periods. LS = lower Swan River, 977 
MD = middle-downstream Swan River, MU = middle-upstream Swan River, US = upper 978 
Swan River 979 
Fig. 8 Shade plot illustrating differences in the abundance of the most prevalent offshore 980 
fish species during the summer, bloom and autumn sampling periods and in each region of 981 
the Swan River. LS = lower Swan River, MD = middle-downstream Swan River, MU = 982 
41 
 
middle-upstream Swan River, US = upper Swan River. Shading intensity increases with 983 
fish abundance on the dispersion-weighted scale (see the shade key). Fish species are 984 
ordered by a cluster analysis of their mutual associations across period×region groups 985 
Fig. 9 Mean offshore Fish Community Index scores recorded from the lower (LS), middle-986 
downstream (MD), middle-upstream (MU) and upper (US) Swan River regions (and 987 
across all sites sampled) during the summer, bloom and autumn periods. The average 988 
standard error observed across all regions and periods is plotted for clarity, whilst grey 989 
lines denote condition grade boundaries 990 
Fig. 10 Mean nearshore Fish Community Index scores recorded from the lower (LS) and 991 
middle-downstream (MD) Swan River regions (and across all sites sampled, including the 992 
one site from the middle-upstream Swan River region) during the summer, bloom and 993 
autumn periods. The average standard error observed across all regions and periods is 994 
plotted for clarity, whilst grey lines denote condition grade boundaries 995 
